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ABSTRACT

ARTICLE HISTORY

Background: Invasive plants are associated with the decline of native plant richness, but the
impact of removal of invasives on native plant richness is often unknown.
Aims: We investigated whether the presence of the introduced plant Centaurea solstitialis
(Asteraceae) was correlated with reduced native plant richness; whether rain in late spring,
when C. solstitialis is virtually the only plant actively growing, increased its cover; and whether
native species richness increased following the control of C. solstitialis.
Methods: From 2011 to 2017 in a grassland in Sonoma County, California, USA, we treated 20
1-m2 plots in C. solstitialis-invaded patches with chemical and mechanical removal. We mon
itored cover of all plants in those plots, plus 20 invaded untreated and 20 uninvaded plots, for
a total of 60 plots in two blocks.
Results: Native plant richness was lower in invaded than in non-invaded plots. More late spring
rainfall resulted in greater C. solstitialis cover in the following year. Native species richness in
the six years after initial removal was slightly higher in removal plots than in untreated control
plots.
Conclusions: Centaurea solstitialis removal alone results in modest benefits for native plant
species richness. Managing this invasive requires more resources in years with more late spring
rainfall.
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Introduction
The impacts of invasive plant species can be signifi
cant and are on the rise (Pyšek et al. 2012, 2020).
They can have significant negative impacts on
native ecosystems, agricultural production and
other commercial and recreational activities
(National Invasive Species Council 2008; USDA
Forest Service 2013). Invasive plants are associated
with declines in abundance and diversity of native
species (Gaertner et al. 2009; Hejda et al. 2009; Vilà
et al. 2011). They can impact native species through
direct competition for resources as well as by alter
ing the physical or chemical environment (Skurski
et al. 2014). The control of invasive introduced
species has received considerable attention at regio
nal, national and international levels, yet the effec
tiveness of control efforts for restoring native
communities is often dependent on specific factors
working at local scales (National Invasive Species
Council 2016).
Many projects to control invasive species track
only the species targeted for removal, and not the
species found filling the newly available niches after
the removal of invasive species (Reid et al. 2009;
Hazelton et al. 2014; Pearson et al. 2016). Some
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studies have reported an increase in richness or
abundance of introduced species other than the
one being targeted by removal (Hulme and
Bremner 2006; Story et al. 2006; Nsikani et al.
2020). While some studies have found a positive
response from native species when invasives were
removed (D’Antonio et al. 1998; Andreu & Vilà
2011), one meta-analysis has found that native spe
cies gains were frequently modest or none were
found (Kettenring and Adams 2011). In addition,
while the impact of an invasion may take many
years to become evident (Crooks 2005), many stu
dies of invasive species control have only looked at
a single growing season (Kettenring and Adams
2011).
In communities dominated by annual plants, the
interaction between variation in weather (within
and among years) and invasive species traits
strongly influences the outcome of the management
of invasive species (Pitt and Heady 1978; Germino
et al. 2016; Fahey et al. 2018; Moffet et al. 2019) and
may either overshadow or interact with the impact
of control actions (Ogden and Rejmànek 2005). For
example, when rainfall conditions after the control
of an invasive species are favourable to the invasive,
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the invasive population may rebound, whereas rain
conditions unfavourable to the invasive species may
result in more effective removal (Davy et al. 2015).
Most California grasslands are dominated by
grasses of Eurasian origin from a guild (annuals)
not well represented in the native flora (D’Antonio
et al. 2007). The annual forb Centaurea solstitialis
L. (Asteraceae), native to Eurasia, was introduced to
California in the 1800s and is now found on over
7 million ha in the western United States (Randall
et al. 2017). It is easily spread and establishes where
human activities disturb the soil (DiTomaso et al.
2006) and has greater growth rates in California
than in its native Spain (Montesinos and Callaway
2018). It is toxic to horses (Wang et al. 1991) and
reduces the carrying capacity of rangeland (Connor
2003). The species is predicted to continue spread
ing in the western United States in response to
global environmental change (Dukes et al. 2011).
Centaruea solstitialis has characteristics expected
to negatively impact native plants. This includes
competing for native pollinators (Barthell et al.
2005). The species depletes soil moisture deeper in
the soil profile and later in the growing season than
either native perennial bunchgrass communities or
the more common communities of introduced
annual grasses (Enloe et al. 2004).
Large C. solstitialis plants can produce over
100,000 seeds (DiTomaso et al. 2006). Under
experimental conditions seeds can remain viable
in the seedbank for at least a decade (Callihan
et al. 1993). However, in California, it appears that
typical conditions (i.e. Mediterranean climate)
degrade most seeds in the seedbank within a few
years (Benefield et al. 2001). Centaurea solstitialis
flowers and sets seed late in the growing season
when rains have typically ceased for the year and
most other annual plants have died (DiTomaso
et al. 2006), a reproductive phenology uncommon
in parts of its introduced range. In years with lateseason moisture, late-germinating plants may suc
cessfully flower and set seed as they are not sensitive
to photoperiod (Roché et al. 1997). Successful man
agement of C. solstitialis depends in part on care
fully timing control efforts. Because of the short
time required to develop viable seeds, postemergence management techniques must be imple
mented before most flowers are open (DiTomaso
et al. 2006). However, some individuals may be
missed at that time because they are small, germi
nate late, or are hard to see before flowering; and
these individuals may develop viable seeds, particu
larly if there is late-season moisture.

Many herbicides can be used to control
C. solstitialis (USDA Forest Service 2014), and
those that provide both pre- and post-emergence
control are the most widely used (DiTomaso et al.
2006). Glyphosate is a post-emergent herbicide
available in a variety of concentrations which can
be very effective in controlling C. solstitialis if appli
cation is timed correctly (DiTomaso et al. 1999),
and will have minimal impacts on non-target plants
in locations where other plants have senesced or
died for the year at the time of use.
We were interested to quantify if C. solstitialis
was associated with reduced richness of native spe
cies and if sustained removal of C. solstitialis over
6 years resulted in an increase in native species
richness. We hypothesised that competition for
space and resources would result in negative
impacts on native plant species richness where
C. solstitialis had invaded. We also hypothesised
that our removal treatment would lead to reduced
C. solstitialis cover and that late spring rainfall in
one year can be used to guide C. solstitialis manage
ment efforts the following year. Finally, we pre
dicted that the release from competition resulting
from C. solstitialis removal would lead to a positive
response in native species richness and that this
positive response would be stronger where there
was higher pre-treatment native richness.

Materials and methods
Study site

We conducted the experiment at the Modini
Preserve of Audubon Canyon Ranch (hereafter
called Modini), a 1200-ha protected area in northeastern Sonoma County, California, USA. Modini is
in a region with a Mediterranean-type climate of
dry, hot summers and cool, wet winters. Prior to
2009, when the Modini Preserve was established,
the grassland was grazed by cattle. Grazing pressure
was low and patchy, though specific stocking levels
at that time are unknown. We conducted our
experiment in an area of the ranch that had not
been grazed for at least five years to avoid the addi
tional variable of grazing pressure in our study.
We selected two areas of vegetation invaded by
C. solstitialis for our experiment. The areas were
located 375 m apart, at an elevation of 300 m, with
a south-west aspect, and with soils classified as
Suther-Laughlin loams or Hugo very gravelly loam
(USDA Natural Resource Conservation Service
2016). The western patch covered 2.39 ha and the
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eastern patch 0.24 ha. Adjacent to each patch with
C. solstitialis there was an uninvaded area of grass
land with the same aspect (e.g. also facing southwest). We placed 1-m2 experimental plots in
a randomised block design, treating each invaded
patch plus the neighbouring uninvaded area as
a block. We used GIS (ArcGIS, version 10.5) to
place a grid of 25-m2 squares over each block. In
each block, we randomly selected 20 squares in the
invaded area and 10 squares in the adjacent unin
vaded area, excluding any squares along the
invaded-uninvaded boundary. We located a 1-m2
plot at the centre of each of these squares. We
randomly selected half of the invaded plots in each
block to receive removal treatment. This yielded 20
plots for each of 3 treatments (‘invaded-treated’,
‘invaded-untreated’, ‘uninvaded’), split between
the two blocks; for a total of 60 plots.
Field methods

Between 2011 and 2017, we visited all plots in
early May and identified all plants to species.
Cover for each species within each plot was
visually estimated within the following cover
classes: <1%, 1–5%, >5–15%, >15–25%, >25–50%,
>50–75%, and >75%. Because we recorded abso
lute cover for each species, total cover could
exceed 100% if plants overlapped. We also esti
mated cover for all annual grasses as a group,
and per cent cover of bare soil, litter and rock.
In early June 2011 we spot-applied Glyphosate,
a non-selective post-emergent herbicide, at label
rates (19.5 cc of a 40% solution per litre of water)
to C. solstitialis in each invaded-treated plot, plus
a 1-m buffer around that plot, using a backpack
sprayer. Even when neighbouring squares were
selected to have survey plots, plot edges were sepa
rated by at least 4 m, and thus the effect of treatment
did not overlap between plots. In early June of all
subsequent years, the C. solstitialis in invadedtreated plots and their surrounding buffer zones
was either hand-pulled (when abundance was very
low), or sprayed with Glyphosate, after conducting
the plant survey. We measured rainfall from
a manual rain gauge each morning of the study at
the same elevation as the study site, approximately
3 km away.
Data preparation and analysis

We classified each plant species as native or intro
duced based on Baldwin et al. (2012). We assigned
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the binned C. solstitialis per cent cover the median
value for the bin (e.g. >0.5–5% bin assigned value
of 3) and treated it as a continuous variable. We
defined previous year late spring rainfall as the
cumulative rainfall from 15 May – 30 June of the
previous year. For the third set of predictions, we
used total current-year annual rainfall (1 October of
the previous year through 30 September of
current year).
We tested each prediction in Table 1 by con
structing a Generalised Linear Model (GLM) con
taining the primary predictor variable for
inference plus variables that we thought might
account for additional variation in response vari
ables, including spatial and temporal autocorrela
tion resulting from our repeated measures of plots
within the same invaded patches (full model
structure shown in Table 2). We included block
or the interaction of block and relative east/west
position (expressed in metres as the UTM easting
value) to account for spatial autocorrelation. We
included the additive effect of year to account for
temporal autocorrelation. However, because intraannual growing conditions in our study system
often vary much more than underlying annual
trends (Goldstein and Suding 2014), particularly
over the relatively short period of this study, we
were not primarily interested in interpreting
Table 1. Predictions and analysis design testing the response
of native plant species to removal of the invasive plant
C. solstitialis at Modini Preserve, Sonoma Co., CA, USA,
2011–2017. The removal treatment was initiated after data
collection in 2011, so where 2011 data are included this
represents pre-treatment conditions.
Prediction
1.1 Native species richness will be lower in
plots invaded by C. solstitialis than in not
invaded plots.
1.2 In C. solstitialis-invaded plots, native
species richness will be higher where
C. solstitialis cover is lower.
2.1 In invaded plots once treatment has
begun, C. solstitialis cover will be lower
in treated than untreated plots.
2.2 In invaded-untreated plots C. solstitialis
cover will be higher when late spring
rain the previous year is higher than
when previous year late spring rain is
lower.
3.1 In invaded plots once treatment has
begun, native species richness will be
higher in treated than in untreated
plots.
3.2 In invaded-treated plots, the positive
response of native species richness to
treatment will be stronger in plots that
had higher pre-treatment native
richness.
3.3 In invaded-treated plots, native species
richness will be higher after treatment
than before.

Data subset (years
and treatment)
2011, all treatments
2011, invaded plots
only
2012–2017, all
invaded plots
2011–2017, invadeduntreated plots

2012–2017, all
invaded plots
2012–2017, invadedtreated plots

2011–2017, invadedtreated plots
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these year coefficients as measures of annual
trends. Rather, we evaluated the overall effects of
treatment across a set of years with the expected
range of growing conditions. The exception to this
is prediction 3.2 (Table 2) where we explicitly
compared annual trends in post-treatment native
richness among plots with high vs. low pretreatment richness.
We fitted GLMs with a Poisson error distribution
and the log link for count response variables. For
per cent cover responses we converted per cent
cover to a proportion and used zero-inflated beta
regression and the logit link. We validated the full
models (containing all explanatory variables) by
checking for evidence of any remaining spatial
autocorrelation in the residuals, for correlation
between predictor variables and for overdispersion
(Zuur et al. 2009).
To test each prediction, we used the Likelihood
Ratio Test (LRT) to compare the full models to
corresponding nested models with the same variables
except the primary predictor variable for inference.
We used the P-value from the χ2 test of the LRT as
evidence to reject the nested model. Instead of select
ing an a priori alpha-level for significance, we inter
preted and reported P-values as providing a range of
evidence (from convincing evidence to no evidence)
against the nested null model (Murtaugh 2014).
Where there was evidence to reject the nested
model, we evaluated goodness of fit of the full
model by calculating deviance explained (1 – (resi
dual deviance/null deviance)) for Poisson regression
or pseudo-R2 for beta regression (Nagelkerke 1991;
Stasinopoulos and Rigby 2007). We evaluated and

visualised the effect size and biological importance of
the predictor variable in question by plotting the
estimated coefficient and 95% confidence intervals
(CI; estimate ± SE * 1.96) from the full model.
We used R version 3.6.1 (R Core Team 2019) for
all data preparation and analyses. Generalised
Linear Models with Poisson distribution were fitted
with the R package stats (included in base R). Zeroinflated beta regression models were fitted with the
package GAMLSS (Stasinopoulos and Rigby 2007).

Results
Six plots were excluded from analysis because an
invaded plot selected a priori fell into an uninvaded
area of the 3.2 ha area we mapped as invaded, the plot
markers were damaged by feral pigs, or uninvaded
plots were invaded during the study. We analysed the
remaining 54 plots including 10 invaded-treated
plots, 10 invaded-untreated plots and 9 uninvaded
plots in the east block; and 8 invaded-treated plots, 9
invaded-untreated plots and 8 uninvaded plots in the
west block. During the study, mean annual rainfall at
the Preserve was 1210 (± 193 SE) mm, and late spring
rainfall (May 15-June 30) was highly variable with
a mean of 45 (± 22 SE) mm.
Before treatment, mean C. solstitialis cover did not
differ between invaded-treated plots (15.0%, ± 3.1 SE)
and invaded-untreated plots (12.8%, ± 2.9 SE) (t-test,
n = 37, P = 0.6). Across all post-treatment years,
average C. solstitialis cover was 20.2% (± 2.1 SE) in
invaded-untreated plots. The cover of plots was domi
nated by non-native plants both before and after treat
ment. In invaded-untreated plots, C. solstitialis had the

Table 2. Analysis result for testing predictions regarding native plant species and removal of the invasive plant C. solstitialis at
Modini Preserve, Sonoma Co., CA, USA, 2011–2017. Likelihood Ratio Test was used to test the fit of a full model (shown) versus
a nested model that was identical to the full model except that it lacked the primary predictor variable for inference. The variable
for inference is listed first, except for prediction 3.2 where the pre-treatment * year interaction is the variable for inference. P-value
is from the χ2 test with df = 1. Estimated coefficients and 95% CI (back-transformed to the scale of the response variable inverse
link function) represent the multiplicative change in the response variable for the 1-unit change in the predictor variable (i.e.
coefficient = 1 represents no effect). Explained variation represents goodness of fit and is either 1- (residual deviance/null
deviance) (predictions 1.x and 3.x) or pseudo-R2 (2.x). See Table 1 for predictions.
Prediction
Full model
χ2 P-value
Response: pre-treatment native species richness
1.1
C. solstitialis invaded/uninvaded + Block * Easting
0.035
1.2
C. solstitialis % cover + Block * Easting
0.61
Response: post-treatment C. solstitialis cover (%)
2.1
Treatment + Pre-treatment C. solstitialis cover + Year + Block
<0.001
2.2
Late spring rain prev. year + Pre-treatment C. solstitialis cover + <0.001
Year + Block
Response: post-treatment native richness
3.1
Treatment + Year + Total rain + Block
<0.001
3.2
Pre-treatment native richness * Year + Total rain + Block
0.53
3.3
Pre- vs Post-treatment + Year + Total rain + Block
0.64

Estimated coefficient (95% CI) for inference
variable

Deviance
explained

0.598 (0.37, 0.96)
1.01 (.0.98, 1.04)

0.46
-

0.28 (0.21, 0.37)
1.12 (1.07, 1.16)

0.27
0.24

1.30 (1.04, 1.62)
1.01 (0.98, 1.05)
1.21 (0.62, 2.37)

0.34
-
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highest cover of any single species, followed by four
species of introduced annual grasses. In invadedtreated plots, four introduced annual grasses had the
highest cover, with native bunchgrass Stipa pulchra
(3%) and introduced forb Carduus pycnocephalus
(5%) having fifth greatest cover in the west and east
blocks, respectively. In uninvaded plots, introduced
annual grasses made up the majority of the cover,
however the native perennial bunchgrass Stipa pulchra
had the second highest cover in the west block (10%)
and the introduced forb Erodium botrys had fifth high
est cover in the east block (2%). The most common
species of introduced annual grasses were Briza max
ima, Avena barbata, Bromus diandrus, Festuca peren
nis, and Brachypodium distachyon.
Testing predictions regarding native plant spe
cies and the removal of C. solstitialis, we found
a negative relationship between C. solstitialis pre
sence and native plant species richness before
removal, although the full model only explained
a moderate amount of deviance in the data (predic
tion 1.1; Table 2). Native species richness was lower
in invaded plots than in uninvaded plots by a factor
of ca. 0.6 (Table 2, Figure 1). Our data provided no
support for the prediction of a negative relationship
between native plant richness and C. solstitialis
cover (prediction 1.2; Table 2, Figure 1).
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We found strong evidence that the cover of
C. solstitialis following treatment was lower for
treated than untreated plots (prediction 2.1;
Table 2). Centaurea solstitialis cover was lower
in treated plots than untreated plots by a factor
of ca. 0.3 throughout the study (Table 2, Figure
2). We also found that the cover of C. solstitialis
was greater following years with more late spring
rain
(prediction
2.2;
Table
1).
Each
additional mm of rain was associated with an
increase of about 10% in C. solstitialis cover
(Table 2, Figure 2).
Our data provided support of our prediction that
native richness would be higher in treated plots than
in untreated plots (prediction 3.1; Table 2).
However, the size of the effect was modest in both
absolute value and relative to the estimated 95% CI
(Figure 3). Native species richness was higher in
treated than untreated plots by a factor of 1.3
(Table 2, Figure 3). We failed to show that the
response of post-treatment native species richness
to treatment was greater in plots with higher pretreatment native species richness (prediction 3.2,
Table 2, Figure 3). We also did not find evidence
that native species richness was greater in treated
plots after treatment than before (prediction 3.3,
Table 2, Figure 3).

Figure 1. Estimated effect and 95% CI of C. solstitialis invasion status and per cent cover on native plant species richness at Modini
Preserve, Sonoma Co., CA, USA, 2012–2017. Y-axis represents the multiplicative change in native richness associated with study
plots being invaded vs not invaded or a 1% increase in C. solstitialis cover. Estimates close to 1 and/or 95% CI overlapping 1
indicate no change.
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Figure 2. Estimated effect and 95% CI of previous year late spring rain and removal treatment C entaureasolstitialis per cent cover
at Modini Preserve, Sonoma Co., CA, USA, 2012–2017. Y-axis represents the multiplicative change in C. solstitialis per cent cover in
treated vs untreated plots or associated with a 1 mm increase in late spring rainfall the previous year. Estimates close to 1 and/or
95% CI overlapping 1 indicate no change.

Figure 3. Estimated relationship and 95% CI between C entaureasolstitialis removal treatment and native plant species richness at
Modini Preserve, Sonoma Co., CA, USA, 2012–2017. Y-axis represents the multiplicative change in native richness in treated vs.
untreated plots; the multiplicative change in post-treatment trend associated with each additional native species present before
treatment; and before and after treatment. Estimates close to 1 and/or 95% CI overlapping 1 indicate no change.

Discussion
As in other studies (Gaertner et al. 2009; Davies
2011; Vilà et al. 2011), we found that the presence
of an invasive plant, C. solstitialis, was associated
with reduced richness of native plant species.
However, we did not find evidence for our predicted

negative relationship between C. solstitialis per cent
cover and native richness. Our ability to detect such
a difference may have been limited by the overall
low values and low variability in both the response
(native species richness) and the predictor used for
inference (C. solstitialis cover).
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We also demonstrated that removing
C. solstitialis annually was effective in mostly elim
inating it. Our treatment methods reduced
C. solstitialis to few plants the year following treat
ment, substantially lower than untreated plots,
throughout the duration of the study. Recurring
C. solstitialis may have come from three possible
sources: in situ seedbank from before the study
began; seeds dispersed by wind or animals from
outside of plot and the buffer zone; and/or from
plants that were missed in removal, either because
they were very small (e.g. cotyledon leaves only) or
because they germinated after removal was com
pleted. Other researchers have found that 4 years
after removal efforts ceased, C. solstitialis had
rebounded (Kyser and DiTomaso 2002).
We confirmed our prediction that C. solstitialis
responded positively to late spring rainfall in the
previous year. For managers who constantly balance
time and expense spent on control of invasive spe
cies (e.g. Leung et al. 2005; Januchowski-Hartley
et al. 2011), this is important information. Rainfall
data are readily available and control resources for
C. solstitialis can be allocated based on them.
Effective control of C. solstitialis will take greater
resources following years with high late spring rain
fall. While our study focused on one specific inva
der, our hypothesis about late spring rainfall was
based on comparing the phenology of the invader to
that of other plant species in the study plots: know
ing how an invader’s traits compare to those of the
extant vegetation can help achieve management
objectives (Moles et al. 2008).
We found slightly higher (1.3 times) native spe
cies richness in treated plots than untreated plots;
however, the estimated 95% CI for this effect nearly
overlapped 1. Native richness was very low in all our
plots so this result may not be particularly impor
tant to the ecological function of our study system.
If the lack of the propagules of native species limits
the response of native species richness to invasive
removal and higher above-ground native species
richness indicates locations with higher native spe
cies propagules present, a pre-treatment survey
would identify the most efficient locations for con
trol projects. However, we did not find evidence to
support our prediction that native species richness
would respond stronger to treatment where pretreatment richness was higher. We also did not
find evidence that native species richness would
increase in treated plots following treatment.
However, there was substantial variability in posttreatment native richness in treated plots, leading to
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broad 95% CI for the estimated effect of treatment
and possibly obscuring our ability to detect
a significant difference. In an annual-dominated
system such as at Modini, inter-annual fluctuations
due to weather are expected to be greater than
differences due to long-term trends in any
given year (Reis et al. 2006).
The response of native species to the removal of
invasive species can be influenced by which other
invasive species are present, time since the invasion
started, and what native species propagules are
extant (Zavaleta et al. 2001). We think the lack of
extant native species at our study site that are func
tional equivalents (i.e. late-season forbs) to
C. solstitialis helps explain why native plants did
not benefit more from the removal of
C. solstitialis, as such species are best suited to utilise
resources made available by effective control
(Zavaleta and Hulvey 2007; Cadotte et al. 2011).
Therefore, focusing removal projects in locations
that have such species present, or adding such spe
cies after removal, may give better results.
The modest response of native species in our
study may also be due to poor native plant repre
sentation in the seedbank (Cione et al. 2002), or by
the overall low abundance and richness of native
plants in our invaded plots. Eurasian annual grasses
have become dominant in many locations in
California, precipitated by historic overgrazing and
other land use decisions, along with a relative dearth
of annual grasses in the native flora. Invasive plants
are broadly known to reduce native species richness
(e.g. Orrock et al. 2015; Fahey et al. 2018; BernardVerdier and Hulme 2019), and it may be that nonnative grasses in our system continued to suppress
native plant richness even after C. solstitialis
removal.
It is possible that our treatment negatively
impacted native species. Due to the natural history
of these native species and the mechanism by which
Glyphosate operates we do not think this is a direct
result of the herbicide. The removal treatment coin
cided with the beginning of the dry season, after
most other annual plants had died for the year and
perennials had senesced for the year. Glyphosate is
a post-emergent, broad-spectrum, non-selective
herbi-cide: it acts on all plants that are actively
growing (Baylis 2000). However, any plants not
actively growing at the time of application, such as
most of those in our system, are unaffected. In
addition, we applied herbicide using a backpack
sprayer and all species other than C. solstitialis
were avoided. While the herbicide is diluted with
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water for application, we do not think this addition
of moisture had an impact since most landed on
leaves of target plants.
Conclusions
Our results provide important new guidance for
managers seeking to control populations of
C. solstitialis. Elimination of C. solstitialis following
above average late spring rain is critical to reducing
the spread of this plant. The recovery of native plant
richness in ecosystems invaded by C. solstitialis,
even after many years of removal, will be quite
modest if removal is the only restoration action
taken.
Acknowledgements
The authors thank Jim and Shirley Modini for their fore
sight in protecting the Modini Preserve, Tomás Ruiz for
rainfall observation and recording, John Kelly and
T. Emiko Condeso for experimental design feedback, and
two anonymous reviewers for feedback on an earlier draft.

Data availability statement
The data that support the findings of this study are available
from the corresponding author, SNA, upon reasonable
request.

Disclosure statement
No potential conflict of interest was reported by the authors.

Funding
This project was funded by numerous generous donors to
Audubon Canyon Ranch.

Notes on contributors
Sheherezade N Adams was the Modini Preserve Biologist
and Manager from 2009 until 2017.
Scott Jennings is an ecologist/analyst.
Nils Warnock is director of conservation science.

References
Andreu J, Vilà M. 2011. Native plant community response
to alien plant invasion and removal. Manag Biol Invasion.
2:81-90.Baldwin BG, Goldman DH, Keil DJ, Patterson R,
Rosatti TJ, Wilken DH, editors. 2012. The Jepson manual:
vascular plants of California. 2nd ed. Berkeley (CA):
University of California Press.

Andreu J, Vilà M. 2011. Native plant community response
to alien plant invasion and removal, editors. Manag Biol
Invasion. 3:81–90.
Barthell JF, Thorp RW, Mason C, Garvin E, Johnson E,
Wells H, Wenner AM. 2005. An island ecosystem after
honey bees: is a noxious weed now competing for native
pollinators? Integr Comp Biol. 45:961.
Baylis AD. 2000. Why glyphosate is a global herbicide:
strengths, weaknesses and prospects. Pest Manag Sci. 56
(4):299–308.
doi:10.1002/(SICI)1526-4998(200004)
56:4<299::AID-PS144>3.0.CO;2-K.
Benefield CB, DiTomaso JM, Kyser GB, Tschoh A. 2001.
Reproductive biology of yellow starthistle: maximizing
late-season control. Weed Sci. 49(1):83–90. doi:10.1614/
0043-1745(2001)049[0083:RBOYSM]2.0.CO;2.
Bernard-Verdier M, Hulme PE. 2019. Alien plants can be
associated with a decrease in local and regional native
richness even when at low abundance. J Ecol. 107
(3):1343–1354. doi:10.1111/1365-2745.13124.
Cadotte MW, Carscadden K, Mirotchnick N. 2011. Beyond
species: functional diversity and the maintenance of eco
logical processes and services. J Appl Ecol. 48
(5):1079–1087. doi:10.1111/j.1365-2664.2011.02048.x.
Callihan RH, Prather S, Northam FE. 1993. Longevity of
yellow starthistle (Centaurea solstitialis) achenes in soil.
Weed
Technol.
7(1):33–35.
doi:10.1017/
S0890037X00036824.
Cione NK, Padgett PE, Allen EB. 2002. Restoration of
a native shrubland impacted by exotic grasses, frequent
fire, and nitrogen deposition in southern California.
Restor
Ecol.
10(2):376–384.
doi:10.1046/j.1526100X.2002.02038.x.
Connor JM. 2003. Impacts of invasive species on
rangelands. Proc Calif Weed Sci Soc. 55:26–31.
Crooks JA. 2005. Lag times and exotic species: the ecology
and management of biological invasions in slow-motion.
Ecoscience. 12(3):316–329. doi:10.2980/i1195-6860-123-316.1.
D’Antonio CM, Hughes RF, Mack M, Hitchcock D,
Vitousek PM. 1998. The response of native species to
removal of invasive exotic grasses in a seasonally dry
Hawaiian woodland. J Veg Sci. 9(5):699–712.
doi:10.2307/3237288.
D’Antonio CM, Malmstrom C, Reynolds SA, Gerlach J.
2007. Ecology of invasive non-native species in
California grassland. In: Stromberg MR, Corbin JD,
D’Antonio CM, editors. California grasslands, ecology
and management. Berkeley and Los Angeles (CA): UC
Press; p. 67–83.
Davies KW. 2011. Plant community diversity and native
plant abundance decline with increasing abundance of
an exotic annual grass. Oecologia. 167(2):481–491.
doi:10.1007/s00442-011-1992-2.
Davy J, Roche L, Robertson A, Nay D, Tate K. 2015.
Introducing cattle grazing to a noxious weed-dominated
rangeland shifts plant communities. Calif Agric. 69
(4):230–236. doi:10.3733/ca.v069n04p230.
DiTomaso JM, Kyser GB, Orloff SB, Enloe SF, Nader GA.
1999. New growth regulator herbicide provides excellent
control of yellow starthistle. Calif Agric. 53(2):12–16.
doi:10.3733/ca.v053n02p12.

PLANT ECOLOGY & DIVERSITY

DiTomaso JM, Kyser GB, Pitcairn MJ. 2006. Yellow starthis
tle management guide. Berkeley (CA): California Invasive
Plant Council.
Dukes JS, Chiariello NR, Loarie SR, Field CB. 2011. Strong
response of an invasive plant species (Centaurea solstitia
lis L.) to global environmental changes. Ecol Appl. 21
(6):1887–1894. doi:10.1890/11-0111.1.
Enloe SF, DiTomaso JM, Orloff SB, Drake DJ. 2004. Soil
water dynamics differ among rangeland plant commu
nities dominated by yellow starthistle (Centaurea sol
stitialis), annual grasses, or perennial grasses. Weed
Sci. 52(6):929–935. doi:10.1614/WS-03-156R.
Fahey C, Angelini C, Flory SL. 2018. Grass invasion and
drought interact to alter the diversity and structure of
native plant communities. Ecology. 99(12):2692–2702.
doi:10.1002/ecy.2536.
Gaertner M, Den Breeyen A, Hui C, Richardson DM. 2009.
Impacts of alien plant invasions on species richness in
Mediterranean-type
ecosystems:
a
meta-analysis.
Prog Phys Geogr. 33(3):319–338. doi:10.1177/
0309133309341607.
Germino MJ, Belnap J, Stark JM, Allen EB, Rau BM. 2016.
Ecosystem impacts of exotic annual invaders in the genus
Bromus. In: Germino MJ, Chambers JC, Brown CS, edi
tors. Exotic brome-grasses in arid and semiarid ecosys
tems of the western US. Cham: Springer; p. 61–95.
Goldstein LJ, Suding KN. 2014. Intra-annual rainfall regime
shifts competitive interactions between coastal sage scrub
and invasive grasses. Ecology. 95(2):425–435.
doi:10.1890/12-0651.1.
Hazelton EL, Mozdzer TJ, Burdick DM, Kettenring KM,
Whigham DF. 2014. Phragmites australis management
in the United States: 40 years of methods and outcomes.
AoB Plants. 6:1–19. doi:10.1093/aobpla/plu001.
Hejda M, Pyšek P, Jarošík V. 2009. Impact of invasive plants
on the species richness, diversity and composition of
invaded communities.
J
Ecol.
97(3):393–403.
doi:10.1111/j.1365-2745.2009.01480.x.
Hulme PE, Bremner ET. 2006. Assessing the impact of
Impatiens glandulifera on riparian habitats: partitioning
diversity components following species removal. J Appl
Ecol. 43(1):43–50. doi:10.1111/j.1365-2664.2005.01102.x.
Januchowski-Hartley SR, Visconti P, Pressey RL. 2011.
A systematic approach for prioritizing multiple manage
ment actions for invasive species. Biol Invasions. 13
(5):1241–1253. doi:10.1007/s10530-011-9960-7.
Kettenring KM, Adams CR. 2011. Lessons learned from
invasive plant control experiments: a systematic review
and meta-analysis. J Appl Ecol. 48(4):970–979.
doi:10.1111/j.1365-2664.2011.01979.x.
Kyser GB, DiTomaso JM. 2002. Instability in a grassland
community after the control of yellow starthistle
(Centaurea solstitialis) with prescribed burning. Weed
Sci. 50(5):648–657. doi:10.1614/0043-1745(2002)050
[0648:IIAGCA]2.0.CO;2.
Leung B, Finnoff D, Shogren JF, Lodge D. 2005.
Managing invasive species: rules of thumb for rapid
assessment. Ecol Econ. 55(1):24–36. doi:10.1016/j.
ecolecon.2005.04.017.
Moffet CA, Hardegree SP, Abatzoglou JT, Hegewisch KC,
Reuter RR, Sheley RL, Brunson MW, Flerchinger GN,

9

Boehm AR. 2019. Weather tools for retrospective assess
ment of restoration outcomes. Rangel Ecol Manag. 72
(2):225–229. doi:10.1016/j.rama.2018.10.011.
Moles AT, Gruber MA, Bonser SP. 2008. A new framework
for predicting invasive plant species. J Ecol. 96:13–17.
Montesinos D, Callaway RM. 2018. Traits correlate with
invasive success more than plasticity: a comparison of
three Centaurea congeners. Ecol Evol. 8(15):7378–7385.
doi:10.1002/ece3.4080.
Murtaugh PA. 2014. In defense of P values. Ecology. 95
(3):611–617. doi:10.1890/13-0590.1.
Nagelkerke NJ. 1991. A note on a general definition of the
coefficient of determination. Biometrika. 78(3):691–692.
doi:10.1093/biomet/78.3.691.
National Invasive Species Council. 2008. 2008–2012
national invasive species management plan. Washington
DC: Department of the Interior.
National Invasive Species Council. 2016. Management plan:
2016–2018. Washington (DC): Department of the
Interior.
Nsikani MM, Geerts S, Ruwanza S, Richardson DM. 2020.
Secondary invasion and weedy native species dominance
after clearing invasive alien plants in South Africa: status
quo and prognosis. S Afr J Bot. 132:338–345. doi:10.1016/
j.sajb.2020.05.009.
Ogden JAE, Rejmànek M. 2005. Recovery of native plant
communities after the control of a dominant invasive
plant species, Foeniculum vulgare: implications for
management. Biol Cons. 125(4):427–439. doi:10.1016/j.
biocon.2005.03.025.
Orrock JL, Dutra HP, Marquis RJ, Barber N. 2015. Apparent
competition and native consumers exacerbate the strong
competitive effect of an exotic plant species. Ecology. 96
(4):1052–1061. doi:10.1890/14-0732.1.
Pearson DE, Ortega YK, Runyon JB, Butler JL. 2016.
Secondary invasion: the bane of weed management.
Biol Cons. 197:8–17. doi:10.1016/j.biocon.2016.02.029.
Pitt MD, Heady HF. 1978. Responses of annual vegetation to
temperature and rainfall patterns in northern California.
Ecology. 59(2):336–350. doi:10.2307/1936378.
Pyšek P, Hulme PE, Simberloff D, Bacher S, Blackburn TM,
Carlton JT, Dawson W, Essl F, Foxcroft LC, Genovesi P,
et al. 2020. Scientists’ warning on invasive alien species.
Biol Rev. doi:10.1111/brv.12627.
Pyšek P, Jarošík V, Hulme PE, Pergl J, Hejda M,
Schaffner U, Vila M. 2012. A global assessment of
invasive plant impacts on resident species, commu
nities and ecosystems: the interaction of impact mea
sures, invading species’ traits and environment. Glob
Change Biol. 18(5):1725–1737. doi:10.1111/j.13652486.2011.02636.x.
R Core Team. 2019. R: A language and environment for
statistical computing. Vienna: R Foundation for
Statistical Computing.
Randall CB, Winston RL, Jette CA, Pitcairn MJ,
DiTomaso JM. 2017. Biology and biological control of
yellow starthistle. 4th ed. USDA Forest Service, Forest
Health Technology Enterprise Team. Morgantown
(WV): USDA. FHTET-2016-08.
Reid AM, Morin L, Downey PO, French K, Virtue JG. 2009.
Does invasive plant management aid the restoration of

10

S. N. ADAMS ET AL.

natural ecosystems? Biol Cons. 142(10):2342–2349.
doi:10.1016/j.biocon.2009.05.011.
Reis AM, Araújo EL, Ferraz EM, Moura AN. 2006. Interannual variations in the floristic and population structure
of an herbaceous community of” caatinga” vegetation in
Pernambuco, Brazil. Braz J Bot. 29(3):497–508.
doi:10.1590/S0100-84042006000300017.
Roché CT, Thill DC, Shafii B. 1997. Reproductive phenology
in yellow starthistle (Centaurea solstitialis). Weed Sci. 45
(6):763–770. doi:10.1017/S0043174500088949.
Stasinopoulos DM, Rigby RA. 2007. Generalized addi
tive models for location scale and shape (GAMLSS)
in R. J Stat Softw. 23(7):1–46. doi:10.18637/jss.v023.
i07.
Story JM, Callan NW, Corn JG, White LJ. 2006.
Decline of spotted knapweed density at two sites in
western Montana with large populations of the
introduced root weevil, Cyphocleonus achates
(Fahraeus).
Biol
Control.
38(2):227–232.
doi:10.1016/j.biocontrol.2005.12.018.
Skurski TC, Rew LJ, Maxwell BD. 2014. Mechanisms
underlying nonindigenous plant impacts: a review of
recent experimental research. Invas Plant Sci Mana.
7:432–444.
USDA Forest Service. 2013. Forest service national strategic
framework for invasive species management. Publication
FS-1017. Washington DC: USDA.

USDA Forest Service. 2014. Field guide for managing
Yellow starthistle in the Southwest. publication TP-R3
-16-07. Washington DC: USDA.
USDA Natural Resource Conservation Service. 2016. Web
soil survey version 3.1. [accessed 2016 Feb 22]. http://
websoilsurvey.sc.egov.usda.gov.
Vilà M, Espinar JL, Hejda M, Hulme PE, Jarošik V,
Maron JL, Pergl J, Schaffner U, Sun Y, Pyšek P. 2011.
Ecological impacts of invasive alien plants: a
meta-analysis of their effects on species, communities
and
ecosystems.
Ecol
Letters.
14(7):702–708.
doi:10.1111/j.1461-0248.2011.01628.x.
Wang Y, Hamburger M, Cheng CH, Costall B, Naylor RJ,
Jenner P, Hostettmann K. 1991. Neurotoxic sesquiterpe
noids from the Yellow star ThistleCentaurea solstitialis L.
(Asteraceae). Helv Chim Acta. 74(1):117–123.
doi:10.1002/hlca.19910740114.
Zavaleta ES, Hobbs RJ, Mooney HA. 2001. Viewing invasive
species removal in a whole-ecosystem context. Trends Ecol
Evol. 16(8):454–459. doi:10.1016/S0169-5347(01)02194-2.
Zavaleta ES, Hulvey KB. 2007. Realistic variation in species
composition affects grassland production, resource use
and invasion resistance. Plant Ecol. 188(1):39–51.
doi:10.1007/s11258-006-9146-z.
Zuur AF, Ieno EN, Walker N, Saveliev AA, Smith GM. 2009.
Mixed effects models and extensions in ecology with R.
New York (NY): Springer-Verlag.

